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Oil degradation by surface-level atmospheric ozone has been largely ignored in the ﬁeld. To address this
knowledge gap, this study investigated the ozonation rate and extent of typical petroleum compounds by simulated surface-level ozone, including total petroleum hydrocarbons (TPHs), n-alkanes, and polycyclic aromatic
hydrocarbons (PAHs). Moreover, the work explored the eﬀect of a prototype oil dispersant, Corexit EC9500A, on
the ozonation rate. Rapid oxidation of TPHs, n-alkanes and PAHs was observed at various gaseous ozone concentrations (i.e. 86, 200 and 300 ppbv). Generally, the presence of the oil dispersant enhanced ozonation of the
oil compounds. The addition of humic acid inhibited the reaction, while increasing salinity accelerated the
degradation. Both direct ozonation by molecular ozone and indirect oxidation by ozone-induced radicals play
important roles in the degradation process. The ﬁndings indicate that ozonation should be taken into account in
assessing environmental fate and weathering of spilled oil.

1. Introduction
The
2010
Deepwater
Horizon
(DwH)
oil
spill
released > 795 million L of Louisiana Sweet Crude (LSC) oil into the
Gulf of Mexico (Camilli et al., 2010; Reddy et al., 2012; Sammarco
et al., 2013). As a result, high concentrations of oil compounds in the
water column were detected following the spill. For instance, Camilli
et al. (2010) reported that the concentration of mono-aromatic petroleum hydrocarbons in the aﬀected seawater exceeded 50 mg/L, and
Reddy et al. (2012) observed that the light aromatic hydrocarbons
(benzene, toluene, ethylbenzene, and total xylenes) reached up to
78 mg/L. The DwH oil contained ~3.9% total polycyclic aromatic hydrocarbons (TPAHs), ~1.5% alkylated PAHs, and ~15.3% n-alkanes by
weight; as such, the incident released approximately ~2.1 × 107 kg of
TPAHs, ~7.9 × 106 kg of alkylated PAHs, and ~8.1 × 107 kg of n-alkanes into the Gulf of Mexico (Reddy et al., 2012).
As an emergency mitigation measure, two chemical dispersants,
Corexit EC9500A (6.8 million L) and Corexit EC9527A (1.1 million L)
were applied at the wellhead and on the seawater surface to disperse

the oil slicks into the water column (Kujawinski et al., 2011). As a result, it was estimated that 16% of the spilled oil was dispersed by
chemical dispersants (Ramseur, 2010). While several recent studies
have reported that oil dispersant enhanced degradation of oil, particularly n-alkanes, under conditions relevant to the northern Gulf of
Mexico, a thorough understanding of the process and mechanisms is
needed (Bacosa et al., 2015; Liu et al., 2016).
A number of physical, chemical and biological processes can aﬀect
the fate and transport of spilled oil, including spreading, drifting, evaporation and dissolution (Liu et al., 2012, 2017; Ryerson et al., 2011),
dispersion of oil droplets into the water column (Conmy et al., 2014;
Kleindienst et al., 2015), interactions of dissolved and dispersed oil
compounds with suspended particulate matter and sediment particles
(Fu et al., 2014; Gong et al., 2014; Zhao et al., 2015; Zhao et al., 2016),
sorption (Gong et al., 2014; Zhao et al., 2015; Zhao et al., 2016),
bioaccumulation and biodegradation (Baumard et al., 1998), and
photodegradation (Gong et al., 2015; Zhao et al., 2016). Another potentially signiﬁcant oil weathering process is oxidation by atmospheric
ozone (O3). However, ozonation has been completely ignored in
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ozonation process. The speciﬁc objectives were to: 1) determine the
ozonation rate and extent of various key petroleum components (TPHs,
n-alkanes and PAHs) under simulated surface-level atmospheric ozone,
2) investigate eﬀect of Corexit EC9500A on the ozone oxidation; and 3)
elucidate the ozonation mechanisms. The ﬁndings will improve our
understanding of the role of atmospheric ozone in the weathering of
spilled oil.

estimating oil budget and in assessing the fate and weathering of spilled
oil despite the known high reactivity and fairly high concentrations of
atmospheric ozone at the ground or sea level.
Typically, surface-level ozone is formed through photochemical
reactions involving volatile organic compounds (VOCs) and nitrogen
oxides (Haagen-Smit et al., 1953). High levels of ozone have been
widely detected at the ground level along the Gulf of Mexico coast. For
instance, based on 2002–2013 monitoring data, the 8-hour average
ozone in Alabama air ranged from 60 to 92 ppbv (ADEM, 2016). Nationally, the average of the fourth highest daily maximum 8-h ozone
level had consistently exceeded the National Ambient Air Quality
Standards (NAAQS) of 75 ppbv from 1986 through 2016 (EPA, 2017). It
is noted that the ozone levels over an oil slick may be much higher than
in the bulk air due to the extensive evaporation of volatile hydrocarbons from the oil slick (Ryerson et al., 2011).
Ozone is a well-known strong oxidant (E0 = +2.07 V) and relatively
strong electrophile (Yu et al., 2007). In engineered processes, ozone has
been widely used to degrade various organic compounds, including
PAHs (Chelme-Ayala et al., 2011; Lin et al., 2014; von Gunten, 2003)
and n-alkanes (Masten and Davies, 1994; von Gunten, 2003; Yu et al.,
2007). In general, ozonation of organic compounds (e.g., n-alkanes and
PAHs) can take place in the following fashions: 1) direct attack by
molecular O3 on the σ-bond between C and H atoms via 1,3-dipolar
insertion for alkanes or via cycloaddition or electrophilic reactions for
PAHs (Hellman and Hamilton, 1974); and 2) indirect attack by free
radicals (primarily hydroxyl radicals, %OH) (Masten and Davies, 1994;
Zhao et al., 2004, 2011). Therefore, it is reasonable to postulate that
oxidation under atmospheric ozone is an important natural weathering
process for petroleum hydrocarbons.
Oil dispersants are complex mixtures of anionic, nonionic surfactants, and solvents (Board and Council, 1989; Gong et al., 2014). Corexit EC9500A consists of three nonionic surfactants including ethoxylated sorbitan mono- and trioleates and sorbitan monooleate
(commercially known as Tween 80, Tween 85, and Span 80) and an
anionic surfactant, namely, sodium dioctyl sulfosuccinate (SDSS) and
solvents as a mixture of di(propylene glycol) butyl ether (DPnB), propylene glycol, and hydro-treated light distillates (petroleum) (Cai et al.,
2016; Place et al., 2010; Scelfo and Tjeerdema, 1991).
Ozonation of organic contaminants can be aﬀected by surfactants,
and the eﬀect depends on the type of the surfactants (anionic, nonionic
and cationic). Pryor and Wu (1992) reported that the ozonation of
methyl oleate was increased by 1.2 times when an anionic surfactant,
sodium dodecyl sulfate (SDS), was increased from 0.02 M to 0.5 M. Chiu
et al. (2007) observed that the presence of a nonionic surfactant Brij 30
decreased the gas–liquid mass transfer rates of both naphthalene and
ozone, resulting in reduced removal eﬃciency of naphthalene. Chu
et al. (2006) reported that ozonation of atrazine was enhanced by 17%
by adding a nonionic surfactant, Brij 35, and the researchers stated that
the surfactant played dual roles in the ozonation of atrazine: 1) it increased dissolution of ozone, and 2) it served as a radical booster and
hydrogen source. Therefore, oil dispersants may also aﬀect oil ozonation. Gong and Zhao (2017) observed that the presence of 18 and
180 mg/L of Corexit EC9500A inhibited the ozonation rate of phenanthrene by 32%–80%, and that for pyrene by 51%–85%, due to competition for the reactive ozone and free radicals. They also reported that
in the presence of 18 mg/L of the dispersant, the pyrene degradation
rate decreased with increasing solution pH and temperature. However,
information has been lacking on the eﬀects of oil dispersants on the
ozonation of petroleum hydrocarbons (e.g. TPHs, n-alkanes and PAHs).
Moreover, the inﬂuences of ozone concentration, pH, DOM and salinity
on ozonation of petroleum hydrocarbons in the presence of oil dispersants have not yet been explored.
The overall goal of this study was to investigate the ozonation rate
and extent of dispersed oil in dispersant-oil-seawater systems that are
exposed to relatively high surface-level atmospheric ozone, and understand the roles of a model dispersant (Corexit EC9500A) in the

2. Materials and methods
2.1. Materials
All chemicals used in this study were of analytical grade or higher
unless indicated otherwise. Methanol was purchased from Alfa Aesar
(Ward Hill, MA, USA). Chromatographic hexane, dichloromethane
(DCM), NaOH and NaCl were obtained from Fisher Scientiﬁc (Fair
lawn, NJ, USA). HCl was acquired from BDH Aristar (West Chester, PA,
USA). 4-chlorobenzoic acid (pCBA) was procured from Acros Organics
(Morris Plains, NJ, USA). A standard leonardite humic acid (LHA, IHSS
1S104H, 64% as total organic carbon (TOC)) was purchased from the
International Humic Substances Society. The following standard reagents were purchased from Supelco (Bellefone, PA, USA): a standard of
n-alkanes mixtures (C9-C40), a standard for the 16 USEPA listed PAHs
(Table S1 in Supplementary Materials (SM)), two internal standards
(5α-androstane for n-alkanes and ﬂuorene-d10 for PAHs), and a surrogate standard of naphthalene-d8, acenaphthene-d10, phenanthrene-d10,
and benzo(a)pyrene-d12. Corexit EC9500A was obtained by courtesy of
Nalco Company (Naperville, IL, USA). Table S2 in SM gives the formulations of Corexit EC9500A.
Seawater was collected from the top 30 cm of the water column
from Grand Bay, AL, USA (N30.37926/W88.30684). Before use, the
sample was ﬁrst passed through 0.45 μm membrane ﬁlters to remove
suspended solids, and then sterilized at 121 °C for 35 min via autoclaving. Salient properties of the seawater sample are: pH = 8.1,
DOM = 2.2 mg/L as TOC, salinity = 2 wt%, Cl− = 18.55 g/L,
NO3− = 2.55 g/L, SO42− = 4.25 g/L, and ionic strength (IS) = 0.7 M.
A surrogate LSC oil was obtained through courtesy of BP (Houston,
TX, USA). According to the supplier, the physical, chemical and toxicological properties of the surrogate oil are analogous to those of the
Macondo Well crude oil of Mississippi Canyon Block 252. Before use,
the crude oil was artiﬁcially weathered according to the evaporation
method by Sorial et al. (2004). Brieﬂy, 1.0 L of the crude oil was purged
in the dark through a glass tube from the bottom of a ﬂask at a constant
air ﬂowrate of ~2 L/min to remove the lighter compounds. After
10 days of the weathering process, the oil mass diminished from 807.1
to 608.5 g (by 24.6 wt%), and the density increased from 0.807 to
0.834 g/cm3. This procedure simulates the loss of the volatile oil
compounds at sea surface shortly following an oil spill (Li et al., 2009).
2.2. Experimental set-up
Fig. 1 displays the schematic of the ozonation experiment set-up.
The experiments were carried out in a glass cylinder batch reactor
(H × D = 5 cm × 8 cm) with a thin quartz cover. The two ports connected with Teﬂon tubes were for gas ﬂow and the other two ports
sealed by ground glass joints were used for sample collection. Ozone
was generated from medical grade oxygen using an A2Z Ozone Generator (Model HB5735B, A2Z Ozone Inc., Louisville, Kentucky, USA),
which is able to generate a maximum of 1 g ozone h−1. The gas
(O2 + O3) ﬂow rate into the reactor was 4 mL/min controlled by an
Aalborg mass ﬂow controller (Model GFC17, Orangeburg, New York,
USA). The inlet ozone-laden gas was gently passed through the surface
of the reaction solution. The inlet gas-phase ozone concentration was
kept at 86 ppbv, which was analyzed by a M106-L Ozone Monitor (2B
Technologies, Inc., Boulder, CO, USA) through measuring the UV absorbance at 254 nm. In the outlet gas-phase, the excess ozone was
428
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Fig. 1. Schematic of the experimental set-up for ozonation of dispersed oil under simulated atmospheric ozone. Note: GFC: gas ﬂow controller.

procedure described in Section 2.5. The chromatographic peak areas
associated with the non-petroleum hydrocarbons were deducted from
those for DWAO in quantifying the petroleum hydrocarbons following
the approach by Hemmer et al. (2011).

passed into a gas absorption bottle containing 300 mL of a 2 wt% KI
solution. All connecting tubes were Teﬂon-made.
2.3. Ozonation of dispersed oil and eﬀects of dispersant

2.4. Eﬀects of gaseous ozone concentration and solution chemistry on
ozonation of petroleum hydrocarbons in DWAO

Water accommodated oil (WAO) and dispersant-facilitated water
accommodated oil (DWAO) were prepared with the surrogate oil following a slightly modiﬁed protocol by Singer et al. (2000). Brieﬂy,
WAO was prepared in a 2200 mL glass aspirator bottle containing a
hose bib ﬁtted with silicon tubing and a clamp at the bottom of the
vessel. About 1760 mL of the seawater was added into the bottle,
leaving a ~20% headspace. Afterwards, 8.8 mL of the weathered LSC
oil was added to the seawater by a glass syringe (i.e., oil-to-seawater
volume ratio = 1:200). Then, the mixture was sealed and magnetically
stirred for 18 h in the dark. The stirring rate was adjusted so as to obtain
a vortex of ~25% of the total volume of seawater. After gravity-settling
for 6 h, the WAO fraction was collected in glass vials with Teﬂon-lined
caps from the bottom without disturbing the surface oil slicks, allowing
for no headspace in the vials. The dispersed oil was prepared in the
form of DWAO following the same protocol except that a dispersant
solution of Corexit EC9500A was added at a dispersant-to-oil volume
ratio of 1:20 (Gong et al., 2014; Zhao et al., 2016).
Batch ozonation kinetic tests were conducted in the glass cylinder
reactor. For each test, the reactor was ﬁlled with 250 mL of a WAO or
DWAO solution, and stirred gently (400 rpm) with a magnetic stirrer to
simulate ocean wave action, which is expected to enhance the ozonation due to increased gas-water interface and mass transfer rates. The
ozone-laden gas stream was then gently passed through the surface of
the solution (i.e., the headspace of the reactor). At pre-determined
times, each 80 mL of the solution was sampled and then analyzed for
the remaining petroleum hydrocarbons (including n-alkanes, parent
PAHs and their alkylated homologs). Control tests were carried out with
nitrogen gas (no O3) at the same gas ﬂowrate to determine the loss of
TPHs in WAO and DWAO due to volatilization. All experiments were
conducted in duplicate.
To investigate eﬀects of the dispersant, additional Corexit EC9500A
(18 or 24 mg/L) was added into the as-prepared DWAO solution in
selected cases, and the ozonation rates were then tested following the
same kinetic experiments.
To examine the relative contributions of direct ozone oxidation and
indirect oxidation (by %OH), the ozonation kinetic tests were carried
out in the presence of 3 μM of para-chlorobenzoic acid (pCBA), which
has been known to be very slow in direct reaction with ozone but fast
with %OH (k%OH, pCBA = 5 × 109 M−1 s−1, kO3, pCBA ≤ 0.5 M−1 s−1)
(Elovitz and von Gunten, 1999).
As a control, dispersant solutions without oil were prepared under
otherwise identical conditions and then analyzed for the non-petroleum
hydrocarbons (i.e., hydrocarbons from the dispersant) following the

Eﬀects of gaseous ozone concentration, pH, DOM and salinity on
ozonation of petroleum hydrocarbons in DWAO were examined
through the same kinetic tests as described above. To investigate the
ozone concentration eﬀect, the gaseous ozone concentration was varied
from 86 to 300 ppbv, which corresponded to an aqueous ozone concentration ranging from 0.05 to 0.12 mg/L. To study the pH eﬀect, the
initial DWAO solution pH was adjusted to 6, 7, and 9 using dilute HCl
(0.1 M) or NaOH (0.1 M). To examine the eﬀect of DOM, standard
leonardite humic acid was added in DWAO at 0.5, 1.0, and 5.0 mg/L as
TOC. To test the eﬀect of salinity, the initial solution salinity was varied
from 2 to 8 wt% by adding a NaCl stock solution (25 wt%).
2.5. Analytical methods
Oil concentrations in WAO or DWAO were quantiﬁed based on
analysis of TPHs, n-alkanes, and PAHs. During the kinetic tests, each
80 mL of the solution sample was extracted with dichloromethane
(DCM) in three consecutive steps (5 mL DCM in each step) according to
EPA Method 3510C (EPA, 1996), and then the extracts were combined
and ﬁltered through a glass column (L × D = 3 × 1 cm) packed with
5 g of anhydrous sodium sulfate to remove moisture, and then concentrated to 4 mL under a gentle nitrogen ﬂow. Then, the concentrated
samples were ﬁltered through a polytetraﬂuoroethylene (PTFE) membrane (0.22 μm) ﬁlter, and split into two even subsamples in two amber
glass vials (2 mL each and labeled as B1 and B2). Then, the B1 fraction
was analyzed for n-alkanes and PAHs by gas chromatography/mass
spectrometry (GC–MS) (Agilent 7890A GC coupled with the 5975C
Series mass spectrometry, Agilent Technologies Inc., Santa Clara, CA,
USA) equipped with a DB-EUPAH column (30 m × 0.18 mm, 0.14 μm
ﬁlm thickness) following the method described in Section 1 in SM.
Sixteen parent PAHs (Table S1 in SM) (speciﬁed in EPA Method 610
(EPA, 1984)) and n-alkanes (C9-C40) were targeted. The B2 subsample
was analyzed for TPHs following the method described in Section 1 of
SM using gas chromatograph with a ﬂame ionization detector (GC-FID,
Agilent 6890 GC-FID) equipped with a DB5 column.
The pCBA concentration in the aqueous phase was analyzed via high
performance liquid chromatography (HPLC, Agilent Technologies,
1260 Inﬁnity, DE, USA) with a UV detector and at a wavelength of
240 nm. A Poroshell 120 EC-C18 column (50 × 4.6 mm, 2.7 μm) was
used, with the oven temperature held constant at 30 °C. An eluent
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kv were obtained by ﬁtting Eq. (1) to the corresponding experimental
kinetic data (ozonation and volatilization control tests), and ko was then
calculated from the diﬀerence.
Fig. 2 shows the volatilization and ozonation kinetics of TPHs
(Fig. 2a), n-alkanes (Fig. 2b) and PAHs (Fig. 2c) under a simulated atmospheric ozone level of 86 ppbv. The initial concentration of TPHs, nalkanes and total PAHs were 0.79, 0.12 and 0.52 mg/L, respectively, in
WAO, which were raised to 149.7, 79.1 and 6.2 mg/L in DWAO. Evidently, the presence the dispersant (238 mg/L) increased the concentrations of TPHs by 189 times, n-alkanes by 648 times and total
PAHs by 12 times compared to those in WAO, which also indicates that
the dispersant is more eﬀective for dispersing n-alkanes than PAHs.
Control tests with nitrogen gas indicated that volatilization losses of
TPHs, n-alkanes, and total PAHs were 15.8%, 14.8% and 20.5% in WAO
in 48 h, respectively, and the percentiles rose to 56.7%, 36.9% and
52.1% in DWAO, indicating that a larger fraction of the dispersed oil
components is volatile than the truly dissolve counterparts. When exposed to the gaseous ozone, the overall depletion of TPHs, n-alkanes,
and total PAHs were 56.7%, 98.9% and 81.0% in WAO, and 88.7%,
98.7% and 89.6% in DWAO, respectively, indicating that the ozonation
was very reactive in degrading high concentrations of oil hydrocarbons
in the dispersant solution.
Table 1 gives the model-ﬁtted kinetic parameters for volatilization
and ozonation of TPHs, n-alkanes and total PAHs in WAO and DWAO.
Both volatilization and overall dissipation of TPHs, n-alkanes and total

consisting of 60%:40% (v:v) of methanol:H2O (adjusted to pH 2 using
H3PO4) was used as the mobile phase and the ﬂowrate was 1 mL/ min
(Rosenfeldt et al., 2006).
Dissolved ozone concentration was measured within 1 min after
sampling on a UV–vis spectrophotometer (SpectraMax M2, Molecular
Devices, CA, USA) at a wavelength of 258 nm shown in Fig. S1 in SM
(Bader and Hoigné, 1981; Fujita et al., 2004), which gives a detection
limit of 0.01 mg/L.
3. Results and discussion
3.1. Eﬀects of oil dispersant on volatilization and ozonation of petroleum
hydrocarbons in seawater
Volatilization is a parallel process along with the ozonation reactions of various oil components. Therefore, an integrated pseudo ﬁrstorder kinetic model was employed to interpret the overall dissipation
rates of TPHs, n-alkanes and total PAHs (Lin et al., 2014; Ning et al.,
2015):

ln(Ct / C0) = −kt = −(k v + ko ) t

(1)

where C0 (mg/L) and Ct (mg/L) are the reactant concentrations at time
t = 0 and t (h), respectively; k (h−1) and kv (h−1) are the pseudo ﬁrstorder rate constants of overall depletion and volatilization, respectively; and ko (h−1) is the ozonation rate constant. The values of k and

Fig. 2. Volatilization and ozonation kinetics of: (a) TPHs, (b) n-alkanes and (c) total PAHs in WAO and DWAO (Corexit EC9500A) solutions. Experimental conditions:
For WAO, initial TPHs = 0.79 mg/L, n-alkanes = 0.12 mg/L and PAHs = 0.52 mg/L; For DWAO, initial TPHs = 149.70 mg/L, n-alkanes = 79.30 mg/L,
PAHs = 6.21 mg/L, and Corexit EC9500A = 238 mg/L; ozone concentration = 86 ppbv, gas ﬂow rate = 4 mL/min, temperature = 22 ± 1 °C, solution
volume = 250 mL, pH = 8.1 ± 1, salinity = 2 wt%, and DOM = 2.2 mg/L as TOC. Symbols: experimental data plotted as mean of duplicates and error bars refer to
deviation from the mean to indicate data reproducibility.
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PAHs can be adequately interpreted by the pseudo ﬁrst-order kinetic
model (R2 > 0.96). For WAO, the kv values of TPHs, n-alkanes and
total PAHs were determined to be 0.004, 0.003 and 0.005 h−1, respectively, whereas the ko values were 0.007, 0.041 and 0.025 h−1,
when exposed to 86 ppbv of ozone. For DWAO, the kv values of TPHs, nalkanes and total PAHs were elevated to 0.018, 0.009 and 0.015 h−1,
while the ko values reached 0.016, 0.042 and 0.048 h−1, respectively.
Noting that the total oil mass in DWAO far exceeded that in WAO, the
ozonation rate in DWAO was 2.2 times higher than in WAO for TPHs
and PAHs, while comparable for n-alkanes. The elevated ozonation
rates are attributed to the higher concentration, the type of dispersed
hydrocarbons and the dispersant eﬀect, as illustrated later in this section and in Section 3.3. The data revealed that the dispersed oil components are quite prone to ozonation, and thus, atmospheric ozonation
can play a signiﬁcant role in natural weathering of oil hydrocarbons.
Several factors can aﬀect the ozonation rate of n-alkanes. First, the
molecular weight or the molecular size can aﬀect dispersibility,

Table 1
First-order ozonation rate constants for TPHs, n-alkanes and total PAHs in WAO
and DWAO.
Type

TPHs
n-Alkanes
Total PAHs

WAO
DWAO
WAO
DWAO
WAO
DWAO

Volatilization

Overall dissipation

Ozonation

kv (h−1)

R2

k (h−1)

R2

ko (h−1)

0.004
0.018
0.003
0.009
0.005
0.015

0.981
0.992
0.986
0.999
0.992
0.964

0.011
0.034
0.045
0.051
0.029
0.063

0.990
0.975
0.974
0.984
0.981
0.966

0.007
0.016
0.041
0.042
0.025
0.048

Note: R2: coeﬃcient of determination, R2 = 1

∑ yi − yi (predict )2
i
,
∑ (yi − y )2
i

where yi and

yi(predict) are observed data and model values, respectively, and y is the mean of
the observed data.

Fig. 3. Distributions of n-alkanes in WAO (a) and DWAO (b) before and after 48 h exposure to gaseous ozone. Experimental conditions are the same as in Fig. 2.
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Fig. 4. Distributions of parent and alkylated PAHs in WAO (a) and DWAO (b) before and after 24 h ozonation. Experimental conditions are the same as in Fig. 2.

n-alkanes are prone to ozonation, and 2) the high molecular weight nalkanes were completely degraded without accumulation of smaller nalkanes.
Second, alkyl radicals can be produced during reaction of ozonation
with oleﬁns (Hellman and Hamilton, 1974). The alkyl radicals may
attack PAHs to form alkylated PAHs, also known as alkylation, resulting
in decreased concentration of n-alkanes.
Third, the dispersant may have a profound eﬀect on the ozonation

volatility and ozone reactivity of n-alkanes. In general, smaller molecules are more volatile and more vulnerable to degradation (Yin et al.,
2015). In the absence of the dispersant (WAO), the oil components are
truly dissolved with C19-C26 being the most abundant n-alkanes
(Fig. 3a), and thus the volatilization rate was less than that in DWAO.
While the C14-C19 fraction appeared to be more preferentially degraded in WAO, virtually all n-alkanes dissipated from the solution after
40 h of ozone exposure. This observation indicates that: 1) all dissolved
432
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process. In the presence of the dispersant, much more oil is dispersed,
and the component distribution in DWAO appeared quite similar to that
of WAO as well as in the crude oil (Zhao et al., 2016). However, dispersed n-alkanes were more volatile than the dissolved n-alkanes
(Fig. 2). As the dispersion of n-alkanes involves π-π interactions and/or
hydrophobic interactions between n-alkanes and the dispersant aggregates and/or micelles, the medium-molecular-weight (e.g., C24C30) fraction of n-alkanes is preferably dispersed (in this study, the
C24-C30 fraction accounted for 61.1% of the total n-alkanes) (Fig. 3b).
The higher concentration and higher volatility of the dispersed n-alkanes are more conducive to both direct and indirect ozonation, where
larger n-alkanes are transformed to the smaller homologs and then
mineralized (Vikhorev et al., 1978). On the other hand, the mass
transfer rate of larger n-alkanes is slower than that of smaller n-alkanes,
which can be further slowed down due to the attachment of the dispersant molecules, resulting in slower degradation for larger n-alkanes.
Moreover, the dispersant can increase soluble ozone concentration and
enhance the radical generation, especially superoxide radicals (Gong
and Zhao, 2017); on the other hand, the dispersant may also compete
for the reactive species. As the dispersant lowers the surface tension of
water, it reduces the ozone mass transfer resistance at the ozone-water
interface, which may increase both direct ozonation and generation of
radicals in the aqueous phase (Chu et al., 2006; Gong and Zhao, 2017).
Lastly, the dispersant (mainly Span 80) can facilitate accumulation of
more hydrophobic hydrocarbons to the upper layer of the water column
in the reactor, promoting the exposure to the gaseous ozone, and thus
the ozonation reactions (Fu et al., 2017).
Compared to n-alkanes, the dispersant was much less eﬀective in
dispersing PAHs. Fig. 4 displays the distributions of PAHs in WAO and
DWAO before and after ozonation. The initial concentrations of parent
PAHs and alkylated PAHs were 0.12 and 0.41 mg/L in WAO, which
were raised to 1.34 and 4.82 mg/L in DWAO, respectively. Notably, the
2-ring and 3-ring PAHs and their alkylated PAHs (e.g., C1-naphthalene,
C2-naphthalene, C3-naphthalene, C1-phenanthrene and C2-phenanthrene) were preferably dispersed in DWAO. Phenanthrene (Phen) is
the most abundant parent PAH, accounting for 11.3% of the total PAHs,
followed by ﬂuorene (Fluo) (4.5%), naphthalene (3.4%) and acenaphthene (Ace) (2.3%). The 3-ring PAHs make up 22.3% of the total
PAHs. The concentration of total alkylated PAHs was 3.6 times higher
than total parent PAHs, which is consistent with other studies (Yin
et al., 2015; Zhao et al., 2016).
The ozonation rates for both parent and alkylated PAHs in DWAO
were much faster than in WAO, especially for the 2-ring (naphthalene),
3-ring (acenaphthylene, ﬂuorene and phenanthrene) and 4-ring
(ﬂuoranthene and pyrene) PAHs and their alkylated homologs (Fig. 4,
Fig. S2 and Table S3 in SM).
For instance, the 24-h degradation of Naph, C1-Naph, C2-Naph, and
C3-Naph reached 37.3%, 53.7%, 58.4%, and 62.1%, respectively in
WAO, which was elevated to 58.3%, 86.7%, 85.4%, and 85.4% in
DWAO. Moreover, the alkylated PAHs were more eﬀectively degraded
than their parent homologs in both WAO and DWAO; and the most
degradation was observed for alkylated naphthalenes (85.4%–86.7%),
alkylated phenanthrenes/anthracenes (84.5%), and alkylated ﬂuoranthrenes/pyrenes (100%) in DWAO.
Bacosa et al. (2015) studied photodegradation of dispersed oil hydrocarbons, and they observed some similar degradation patterns. For
instance, they found that 3-ring PAHs were more sensitive to photooxidation than 4- to 5-ring PAHs, and that except for phenanthrene, 3ring PAHs were degraded faster than naphthalene. Moreover, they
observed that alkylated pyrenes were photodegraded faster than alkylated phenanthrenes, while alkylated naphthalenes were degraded
faster than alkylated phenanthrenes; and alkylated PAHs were photodegraded faster than their parent homologs. These similarities suggest
that ozonation and photodegradation of dispersed oil hydrocarbons
may share some common reaction mechanisms such as degradation
facilitated by radicals.

Fig. 5. Ozonation kinetics of (a) TPHs, (b) n-alkanes and (c) total PAHs in
DWAO at various gaseous ozone concentrations. Experimental conditions:
Initial TPHs = 149.70 mg/L, n-alkanes = 79.30 mg/L, PAHs = 6.21 mg/L,
Corexit
EC9500A = 238 mg/L,
gas
ﬂow
rate = 4 mL/min,
temperature = 22 ± 1 °C, solution volume = 250 mL, pH = 8.1 ± 1, salinity = 2 wt%, and DOM = 2.2 mg/L TOC. Symbols: experimental data plotted
as mean of duplicates and error bars refer to deviation from the mean to indicate data reproducibility.
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3.3. Eﬀect of dispersant concentration on ozonation of petroleum
hydrocarbons in DWAO

Moreover, the volatilization rates of parent and alkylated PAHs in
DWAO were 4 and 2 times higher than in WAO. This can be attributed to
the much higher concentration of the 2-ring PAHs in DWAO, which are
known to be more volatile (Liu et al., 2012). At 48 h, the volatilization
loss of parent PAHs in WAO and DWAO was 24.9% and 66.9%, respectively, compared to 6.3% and 36.3% for alkylated PAHs, indicating that
like n-alkanes, dispersed PAHs are more volatile than the dissolved
counterparts. The overall depletion was 77.0% and 86.7% for the parent
PAHs in WAO and DWAO, respectively, and 97.4% and 92.5% for alkylated PAHs, indicating that alkylated PAHs are more vulnerable to
ozonation than the parent PAHs and that dispersed PAHs are more prone
to ozonation than the dissolved counterparts. Mechanistically, the dissolution/dispersion and ozonation of PAHs can be aﬀected by the following factors: First, the lower abundance of PAHs in oil hydrocarbons
may result in the lower dispersion of PAHs than n-alkanes by the dispersant (Zhao et al., 2016). Second, the hydrophile-lipophile balance
(HLB) values of the diﬀerent surfactants in Corexit EC9500A range from
4.3 to 15 (Table S2); as such, the dispersant is more favorable towards nalkanes than PAHs (Couillard et al., 2005; Diallo et al., 1994). Third,
more hydrophobic PAHs (i.e. larger PAHs) tend to resist the dispersing
and ozonation processes (Walter et al., 2000). Fourth, the presence of
ozone may cause alkylation of the parent PAHs, resulting in a rise in
alkylated PAHs (Lima et al., 2005; Ringuet et al., 2012; Zhao et al.,
2016). This assertion is supported by Fig. S3 in SM, which shows a faster
removal rate of parent PAHs than alkylated PAHs in the early stage
(< 15 h). After 15 h, or upon completion of the initial alkylation of the
parent PAHs, the ozonation rate increased sharply, indicating alkylated
PAHs are more ozone-reactive than the corresponding parent PAHs.
The dispersant eﬀects on the ozonation of PAHs followed a similar
manner as for n-alkanes, although the extents diﬀered due to their
diﬀerent molecular characteristics.

Fig. 6 shows the remaining concentrations of TPHs, n-alkanes and
PAHs in DWAO after 24 h of ozonation when additional 18 or 24 mg/L
of Corexit EC9500A was added to the DWAO. Fig. 6a shows that the
addition of the dispersant resulted in much lower concentrations of
TPHs and n-alkanes, and the addition of 18 and 24 mg/L of the dispersant gave comparable results. The ﬁndings indicate that the addition
of excess dispersant enhances ozonation of TPHs and n-alkanes. However, there exists a threshold concentration, above which the dispersant
eﬀect becomes less signiﬁcant. Fig. 6c shows that the dispersant promotes ozonation of > C20 n-alkanes to a greater extend. The favorable
eﬀects of the dispersant on TPHs and n-alkanes are attributed to the
mechanisms discussed in Section 3.1. However, the degradation for
PAHs was inhibited at the elevated dispersant concentrations (Fig. 6a
and b). After 24 h of ozonation, the ﬁnal concentrations of parent PAHs
were 0.61, 0.72 and 0.71 mg/L when 0, 18, and 24 mg/L of the dispersant were added, respectively; and the ﬁnal concentrations of alkylated PAHs were 0.71, 1.91 and 1.94 mg/L. Increasing the dispersant
concentration from 0 to 18 mg/L decreased the degradation of total
PAHs from 78.6% to 57.0%, parent PAHs from 54.8% to 47.4%, and
alkylated PAHs from 85.2% to 59.6%. Further increasing the dispersant
addition to 24 mg/L had insigniﬁcant further eﬀect. Fig. 6d shows that
such inhibitive eﬀects at elevated dispersant concentrations occurred
mainly to the 2-ring and 3-ring alkylated PAHs.
The critical micelle concentration (CMC) of Corexit EC9500A was
reported to be 22.5 mg/L (Gong et al., 2014). Our results suggest that
both n-alkanes and PAHs can interact with the dispersant molecules
strongly even below the CMC. PAHs are intrinsically more stable due to
the π electrons delocalized over the aromatic rings than n-alkanes
(Rubio-Clemente et al., 2014). The 3-rings PAHs are the dominant
components for both parent and alkylated PAHs. These relatively
smaller aromatic compounds may undergo the “caging eﬀect”, i.e.,
partitioning into the surfactant (e.g., Span 80) aggregates/micelles,
which retards the encountering between ozone molecules/radicals and
PAHs. (Fu et al., 2017; Zhang et al., 2011). The eﬀect is less signiﬁcant
for n-alkanes due to their chain-like structures. In addition, the rise in
alkylated PAHs at elevated dispersant concentrations can also be due to
the fact that while elevated dispersant concertation facilitates alkylation of parent PAHs due to generation of more alkyl radicals, the high
dispersant concentration can also inhibit the subsequent degradation of
the alkylated PAHs due to the caging eﬀect.
To determine the eﬀect of the dispersant on production of %OH
radicals, pCBA was used as a probe chemical and an %OH scavenger to
measure the %OH radicals (details are described in Section 3.5). Fig. 7
shows ozone-oxidation of pCBA during ozonation with or without the
dispersant. It is evident that the presence of 18 mg/L of the dispersant
signiﬁcantly enhanced the degradation of pCBA (P = 0.003 at the 0.05
level of signiﬁcance), indicating enhanced generation of hydroxyl radicals. However, further increasing the dispersant to 24 mg/L (higher
than the CMC value) resulted in less ozonation of pCBA, or a statistically
insigniﬁcant change in the reaction rate (P = 0.852) compared to that
without dispersant. This inhibitive eﬀect at 24 mg/L of the dispersant
may be attributed to: 1) the formation of micelles may exert the caging
eﬀect, which retards the decomposition of soluble ozone (Eriksson,
2005), and 2) elevated competition of the dispersant for the free radicals at higher dispersant concentrations.

3.2. Degradation of oil hydrocarbons in DWAO at various atmospheric
ozone concentrations
Fig. 5 shows ozonation kinetics of TPHs (Fig. 5a), n-alkanes (Fig. 5b)
and PAHs (Fig. 5c) in DWAO when exposed to various gaseous ozone
concentrations but at a ﬁxed gas ﬂowrate 4 mL/min. The overall removal rate of the oil components increased with increasing ozone
concentration. As the ozone concentration increased from 86 to
300 ppbv, the rate constant ko was boosted from 0.016 to 0.237 h−1 for
TPHs (by 14.8 times), from 0.042 to 0.210 h−1 for n-alkanes (by 5.1
times) and from 0.048 to 0.302 h−1 for total PAHs (by 6.3 times)
(Table 2). According to the Henry's law, the higher gaseous ozone
concentration results in higher soluble ozone in the aqueous phase,
leading to more accessible molecule ozone and free radicals. However,
the eﬀect of ozone concentration became less profound at
O3 > 200 ppbv, suggesting that mass transfer became more important
at elevated O3 concentration. In addition, the ozone-facilitated alkylation rate may also be enhanced at higher ozone concentrations.
Table 2
First-order ozonation rate constants for TPHs, n-alkanes and TPAHs in DWAO at
various concentrations of simulated atmospheric ozone.
Type

TPHs

n-alkanes

Total PAHs

Ozone
(ppbv)

86
200
300
86
200
300
86
200
300

Volatilization

Overall dissipation

Ozonation

kv (h−1)

R2

k (h−1)

R2

ko (h−1)

0.018
0.018
0.018
0.009
0.009
0.009
0.015
0.015
0.015

0.992
0.992
0.992
0.999
0.999
0.999
0.964
0.964
0.964

0.034
0.136
0.254
0.051
0.134
0.220
0.063
0.138
0.316

0.975
0.919
0.973
0.984
0.954
0.972
0.966
0.939
0.984

0.016
0.118
0.237
0.042
0.124
0.210
0.048
0.124
0.302

3.4. Eﬀects of water chemistry on ozonation of petroleum hydrocarbons in
DWAO
3.4.1. Eﬀects of pH
Fig. 8 shows the concentrations of TPHs, n-alkanes and total PAHs in
DWAO at various pH levels (6.0, 7.0, 8.0, and 9.0) after 24 h of exposure to 86 ppbv of gaseous ozone. The overall dissipation rate of
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Fig. 6. Remaining concentrations of TPHs, n-alkanes and total PAHs (a), and parent PAHs and alkylated PAHs (b) in DWAO after 24 h ozonation in the presence of
various concentrations of the dispersant, and distributions of n-alkanes (c) and PAHs (d) in DWAO after 24 h ozonation. Experimental conditions: Initial
TPHs = 149.70 mg/L, n-alkanes = 79.30 mg/L and total PAHs = 6.21 mg/L, Corexit EC9500A = 238 mg/L, gas ﬂow rate = 4 mL/min, gaseous ozone = 86 ppbv,
temperature = 22 ± 1 °C, solution volume = 250 mL, solution pH = 8.1 ± 1, salinity = 2 wt%, and DOM = 2.2 mg/L as TOC. Symbols: experimental data plotted
as mean of duplicates and error bars refer to deviation from the mean to indicate data reproducibility.

Because direct ozonation is the predominant process for oxidation of
TPHs (Direct ozonation accounted for 53% of the overall ozonation),
the lessened direct ozonation resulted in the observed inhibitive eﬀect
at higher pH. However, depending on the diﬀerent ozonation mechanisms, such pH eﬀects can vary. For instance, Beltran et al. (1995)
reported that the ozone oxidation rate of ﬂuorene increased with increasing pH; however, Gong and Zhao (2017) observed that ozonation
of pyrene in the presence of the same dispersant decreased with increasing pH. They claimed that this discordance may result from the
dispersant eﬀect, which can compete for the radicals more intensely
than for the ozone molecules, thus inhibiting indirect ozonation.

TPHs, n-alkanes and PAHs decreased from 59.7% to 46.2% (P = 0.003
at the 0.05 level of signiﬁcance), from 66.3% to 61.5% (P = 0.078)
(Fig. S5) and from 87.8% to 86.9% (P = 0.551) (Figs. S4 and S5), respectively, when the solution pH was increased from 6.0 to 9.0, indicating an inhibitive eﬀect at higher pH in the tested pH range. It has
been well known that solution pH can aﬀect both direct and indirect
ozonation reactions (Zhao et al., 2011). As pH increases, the aqueous
ozone decomposes via the reactions as shown in Eqs. (2)–(6) (KasprzykHordern et al., 2003):

O3 + H2 O → 2·OH + O2

(2)

O3 + OH− → HO2·+·O2−

(3)

O3 + ·OH → HO2·+O2 ↔ 2·O2− + H+

(4)

O3 + HO2·→2O2 + ·OH

(5)

2HO2·→O2 + H2 O2

(6)

3.4.2. Eﬀects of humic acid
Fig. 9 shows ozonation kinetics of TPHs in DWAO with 0.5, 1.0 or
5.0 mg/L as TOC of humic acid added and at a gaseous ozone concentration of 200 ppbv. After 24 h of exposure to the nitrogen gas ﬂow,
the volatilization loss of TPHs in DWAO was 38.2% in all cases, whereas
the overall depletion of TPHs was 93.4%, 89.9% and 74.6%, respectively, in the presence of 0.5, 1.0 and 5.0 mg/L humic acid and when
exposed to the gaseous ozone. Table 3 presents the respective rate
constants for overall depletion, volatilization and ozonation. When
5.0 mg/L of humic acid was added, the overall dissipation rate constant

Alkaline conditions favor aqueous ozone decomposition to form
more free radicals including hydroxyl radicals and superoxide radicals
(Eqs. (3)–(4)), and thus enhances the indirect ozonation. However, direct ozonation is compromised due to consumption of molecular ozone.
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Fig. 9. Eﬀect of HA on ozonation of TPHs in DWAO. Experimental conditions:
Initial TPHs = 149.7 mg/L, n-alkanes = 79.3 mg/L and total PAHs = 6.21 mg/
L (in DWAO with Corexit EC9500A), gas ﬂow rate = 4 mL/min, ozone concentration = 200 ppbv,
temperature = 22 ± 1 °C,
volume
of
solution = 250 mL,
solution
pH = 8.1 ± 1,
salinity = 2.0 wt%,
and
DOM = 2.2 mg/L as TOC. Symbols: experimental data plotted as mean of duplicates and error bars refer to deviation from the mean to indicate data reproducibility.

Fig. 7. Oxidation of pCBA (normalized to initial concentration) during ozonation with or without 18 or 24 mg/L of Corexit EC9500A in seawater.
Experimental conditions: Gas ﬂow rate = 4 mL/min, gaseous ozone = 86 ppbv,
initial pCBA concentration = 3 μM, temperature = 22 ± 1 °C, solution
volume = 250 mL, salinity = 2 wt%, and DOM = 2.2 mg/L as TOC. Symbols:
experimental data plotted as mean of duplicates and error bars refer to deviation from the mean to indicate data reproducibility.

Table 3
First-order ozonation rate constants for TPHs in DWAO in the presence of
various concentrations of humic acid.
HA concentration

Volatilization
−1

kv (h
0 mg/L
0.5 mg/L
1 mg/L
5 mg/L

0.018
0.018
0.018
0.018

)

Overall dissipation
2

−1

R

k (h

0.992
0.992
0.992
0.992

0.136
0.100
0.077
0.050

)

Ozonation

R

ko (h−1)

0.919
0.985
0.970
0.976

0.118
0.082
0.059
0.032

2

there was virtually no eﬀect on the 2-ring alkyl homologs (C1-naphthalene, C2-naphthalene and C3-naphthalene).
DOM can aﬀect soluble ozone stability in three ways: 1) directly
react with soluble ozone (Eqs. (7) and (8)) (von Gunten, 2003) and
therefore compete for molecular ozone with the target hydrocarbons; 2)
acting as a promoter to convert the nonselective hydroxyl radicals into
superoxide radicals (Eqs. (9) and (10)) (Staehelin and Hoigne, 1985;
von Gunten, 2003), resulting in a net loss in the indirect ozonation
becuase the oxidation power of superoxide radicals is lower than that of
hydroxyl radicals (Litter and Quici, 2010); and 3) sorption of some oil
components (e.g., PAHs) within the complex HA matrix may shield it
from the molecular ozone and free radicals (Simpson et al., 2004).

Fig. 8. Remaining concentrations of TPHs, n-alkanes and total PAHs in DWAO
after 24 h ozonation at various initial pH levels. Experimental conditions: Initial
TPHs = 149.70 mg/L, n-alkanes = 79.30 mg/L and total PAHs = 6.21 mg/L,
Corexit EC9500A = 238 mg/L, gas ﬂow rate = 4 mL/min, gaseous
ozone = 86 ppbv, temperature = 22 ± 1 °C, solution volume = 250 mL, salinity = 2 wt%, and DOM = 2.2 mg/L as TOC. Symbols: experimental data
plotted as mean of duplicates and error bars refer to deviation from the mean to
indicate data reproducibility.

(7)

O3 + NOM 1 → NOM 1ox

(k) was decreased from 0.136 to 0.051 h−1, and the ozonation rate
constant (ko) from 0.118 h−1 to 0.032 h−1 (Table 3). The distribution of
diﬀerent segments of n-alkanes after 24 h of ozonation (Fig. S6a) indicates that the inhibitive eﬀect of humic acid was more evident on the
larger n-alkanes, in particular the C24-C30 fraction; and the higher TOC
concentration, the less these lager n-alkanes were degraded. Fig. S6b
shows the distributions of PAHs after 24 h of ozonation at various
humic acid concentrations. The remaining concentrations of parent
PAHs were 3.0, 8.9, 17.0 and 18.4 mg/L, respectively, when 0.5, 1.0,
5.0, and 10 mg/L as TOC of humic acid were added. Evidently, more 3ring PAHs (acenaphthene, ﬂuorene and phenanthrene) remained after
the ozonation at higher humic acid concentrations (5.0 or 10 mg/L),
indicating degradation of these PAHs were inhibited to a greater extent.
The inhibitive eﬀect on 2-ring PAHs (naphthalene) was much less, and

O3 + NOM 2 → NOM 2·+ + ·O3−

·OH + NOM 3 → NOM 3·+H2 O or

(8)

NOM 4·+OH−

NOM 3 + O2 → NOM − ·O2 → NOM 3+ + ·O2−

(9)
(10)

3.4.3. Eﬀects of salinity
Fig. 10 shows the eﬀects of salinity on ozonation of TPHs, n-alkanes
and total PAHs in DWAO. The overall dissipation of all the oil components after 24 h of ozonation was increased when the solution salinity
was increased from 2.0% to 8.0%, namely, from 48.1% to 53.7% for
TPHs (P = 0.058), from 64.8 to 74.2% for n-alkanes (P = 0.022), and
from 78.8% to 84% for total PAHs (P = 0.065). Fig. S7 shows the distributions of n-alkanes and PAHs in DWAO after 24-h ozonation and at
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various salinity levels. Evidently, the most salinity eﬀects occurred to
the < C14 or > C24 n-alkanes.
Salinity can aﬀect ozone oxidation of oil components in the dispersant solutions in some contrasting ways (Gong and Zhao, 2017).
First, NaCl can compete for dissolved ozone and radicals. As such, high
salinity results in more inhibition of the ozonation on oil hydrocarbons
(Muthukumar and Selvakumar, 2004). Second, elevated IS can increase
the interfacial concentration of oil hydrocarbons at the ozone-solution
interface due to the “salting out eﬀect”, which enhances degradation of
oil hydrocarbons. However, in the presence of the dispersant, the
“salting out” eﬀect is partially oﬀset due to lowered surface tension and
enhanced solubilization of the hydrophobic oil compounds. Third, in
the presence of the dispersant, some of the lighter and less-soluble
components in the dispersant (e.g., Span 80) may entrain more oil
hydrocarbons to the top layer of the water column, which is conducive
to the contact and reactions with gaseous ozone in the headspace.
Fourth, elevated IS may push more oil compounds to the dispersant/
solvent cages, inhibiting ozonation.
3.5. Ozonation mechanisms
Typically, the radicals are formed through the following reactions
(Forni et al., 1982; von Gunten, 2003; Zhao et al., 2004).

O3 + OH− → HO2− + O2

(11)

O3 + HO2− → ·OH + ·O2− + O2

(12)

O3 +

·O2−

→

·O3−

+ O2

(13)

·OH + O3 → HO2·+O2

(14)

·O3− + H2 O ↔ O2 + ·OH + OH−

(15)

It is worth noting that the oxidation power of superoxide, ozonide
and hydroperoxyl radicals is lower than that of hydroxyl radicals
(E0 = +2.86 V) (Litter and Quici, 2010).
To quantify the relative contributions of direct and indirect ozonation mechanisms, ozonation kinetics of TPHs, n-alkanes and total PAHs
were measured with pCBA as an %OH scavenger and with or without the
dispersant. Eqs. (16) and (17) illustrates reactions of pCBA with %OH,
and the second-order rate constant has been reported to be
k%OH,pCBA = 5.2 × 109 M−1 s−1 (Elovitz et al., 2000). The steadystate concentration of %OH ([%OH]ss) is calculated based on the depletion rate of pCBA according to Eq. (18) (von Gunten, 2003; Zhang et al.,
2013):

pCBA + ·OH → Intermediates

−

d [pCBA]
= k·OH , pCBA [pCBA][·OH ]ss
dt

k·OH , pCBA [·OH ]ss = kobs, pCBA

(16)

(17)
(18)

where the kobs,pCBA is the pseudo-ﬁrst-order rate constant of pCBA degradation, which is 0.029 h−1 (Eq. (1) was employed to ﬁt the experimental data in Fig. 11).
The overall TPHs depletion, involving volatilization, direct ozone
oxidation and indirect radical oxidation, can be described by:

Fig. 10. Remaining concentrations of: (a) TPHs, (b) n-alkanes and (c) PAHs in
DWAO after 24-h ozonation at various salinity levels. Experimental conditions:
Initial TPHs = 149.7 mg/L, n-alkanes = 79.3 mg/L and total PAHs = 6.2 mg/L
(in DWAO with Corexit EC9500A), gas ﬂow rate = 4 mL/min, ozone concentration = 86 ppbv, temperature = 22 ± 1 °C, volume of solution = 250 mL,
solution pH = 8.1 ± 1, and DOM = 2.2 mg/L as TOC. Symbols: experimental
data plotted as mean of duplicates and error bars refer to deviation from the
mean to indicate data reproducibility.

dC
= (k v + kD + kR ) C
dt

(19)

where C is the reactant concentration (μg/L) at time t (h); and kv, kD
and kR refer to the rate constants (h−1) of volatilization, direct ozonation and indirect ozonation.
Fig. 11 compares the overall ozonation and direct ozonation rates of
TPHs (Fig. 11a), n-alkanes (Fig. 11b), and total PAHs (Fig. 11c), and
Table 4 gives the respective rate constants due to volatilization and
diﬀerent ozonation mechanisms. In the absence of pCBA, the overall
ozonation rate constant of TPHs was 0.016 h−1; in the presence of the
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played a more important role than the indirect ozonation for degradation of n-alkanes. In addition, Fig. S8a shows that after 24 h of
ozonation, 67.5% (by mass) of n-alkanes was degraded due to direct
ozonation. Fig. 11c shows the volatilization, total ozonation and direct
ozonation of PAHs under the same gas ﬂow rate with or without pCBA.
In the absence of pCBA, the ozonation rate constant of total PAHs was
0.048 h−1; in the presence of pCBA, the ozonation rate constant was
lowered to 0.022 h−1, indicating that direct ozonation contributed
45.8% to the total ozonation of total PAHs. In addition, the parent and
alkylated PAHs were degraded by 37.5% and 39.9% due to direct
ozonation, respectively (Fig. S8b).
Ozone molecules can directly react with the CeH bonds in alkanes.
The initial attack of ozone on alkanes is centered on the σ-bonding
between C and H atoms, which includes 1,3-dipolar insertion, and
subsequent transformation to isomers of ketones, racemized alcohols
and peroxides, as illustrated by the following reactions (Hamilton et al.,
1968):
(20)

RH + O3 → I ↔ II
O2

I → R·+·OH + O2 ⎯→
⎯ ROH (racemized) + ketone + peroxides

(21)

I or II → ROH + O2

(22)

II → ROOOH → ROH + O2

(23)

where I and II are the transition states (or solvent caged intermediates)
given by the initial attacking of alkanes by ozone (I is for [R% HO% %
OeO%] and II is for [R% %OOOH]).
Direct reaction between PAHs and ozone lead to ring cleavage by
electrophilic mechanisms (Bailey et al., 1968; Razumovskii, 2005), resulting in the formation of intermediates, such as quinones, hydroxylated and carboxylate benzenes, and oxygen derivatives of aliphatic
compounds (Miller and Olejnik, 2004) (Eq. (24)). The intermediates
may compete with the PAHs for both direct and indirect ozonation
(Rubio-Clemente et al., 2014).

O3 + PAH → PAHox → Intermediates

(24)

Ozonation of PAHs in DWAO solution can be attributed to several
factors. On the one hand, the dispersant may promote the ozonation
due to: 1) the dispersant-enhanced solubilization of molecular ozone
can increase the formation of intermediates due to ring cleavage
through direct oxidation and generation of free radicals (especially
superoxide radicals), and 2) the ozone-facilitated alkylation not only
promotes degradation of parent PAHs, but also leads to formation of
more alkylated PAHs, which are known to be more ozone-reactive than
the parent PAHs (Rubio-Clemente et al., 2014; von Gunten, 2003). On
the other hand, the dispersant may inhibit the reaction due to: 1) the
competition of intermediates with parent compounds for both molecular ozone and radicals, and 2) the competition of dispersant components, for instance, solvent propylene glycol can undergo both direct
and indirect ozonolysis (Chou et al., 2006). The overall eﬀect depends
on the extent of these contrasting factors. In this work, the promoting
eﬀects for PAHs outran the inhibitive eﬀects, and indirect ozonation
attributed more than direct ozonation.

Fig. 11. Transformation of (a) TPHs, (b) n-alkanes and (c) total PAHs by molecular ozone and hydroxyl radicals during ozonation of DWAO. Experimental
conditions: Initial TPHs = 149.7 mg/L, n-alkanes = 79.3 mg/L and total
PAHs = 6.2 mg/L (in DWAO with Corexit EC9500A), gas ﬂow rate = 4 mL/
min, ozone concentration = 86 ppbv, temperature = 22 ± 1 °C, volume of
solution = 250 mL,
solution
pH = 8.1 ± 1,
salinity = 2.0 wt%
and
DOM = 2.2 mg/L as TOC.

4. Conclusions
This study investigated the volatilization, direct ozonation and indirect ozonation of dispersed petroleum hydrocarbons in dispersant-oilseawater systems under simulated atmospheric ozone. The primary
ﬁndings are summarized as follows:

pCBA, the ozonation (direct ozonation) rate constant of TPHs was reduced to 0.009 h−1, indicating that direct ozonation accounted for 56%
of the overall ozonation based on the pseudo ﬁrst-order rate constant.
Fig. 11b shows the volatilization, total ozonation and direct ozonation
of n-alkanes in DWAO. In the absence of the pCBA, the total ozonation
rate of n-alkanes was 0.033 h−1; in the presence of pCBA, the ozonation
rate was reduced to 0.018 h−1, namely, 55% of the overall ozonation
was attributed to direct ozonation, indicating that direct ozonation

1) Corexit EC9500A accelerates ozonation of TPHs, n-alkanes and
PAHs in DWAO. In the presence of 238 mg/L of Corexit EC9500A
and at a gaseous ozone concentration of 86 ppbv, the pseudo ﬁrstorder ozonation rate constants of TPHs, n-alkanes and total PAHs
were 2.2, 1.01 and 1.96 times higher than those in WAO. Alkylated
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Table 4
First-order ozonation rate constants for TPHs, n-alkanes and total PAHs in DWAO.
Type

TPHs
n-alkanes
Total PAHs

2)

3)

4)

5)

6)

Volatilization

Total ozonation
Direct ozonation
Total ozonation
Direct ozonation
Total ozonation
Direct ozonation

Ozonation ko (h−1) kR (h−1) kD (h−1)

Overall dissipation

kv (h−1)

R2

k (h−1)

R2

0.018
0.018
0.009
0.009
0.015
0.015

0.992
0.992
0.999
0.999
0.964
0.964

0.034
0.026
0.051
0.026
0.063
0.036

0.975
0.999
0.984
0.956
0.966
0.956

0.016
0.009
0.042
0.018
0.048
0.022

0.008
–
0.033
–
0.026
–

–
0.009
0.018
0.022

Analytical methods for TPHs, PAHs and n-alkanes; Target PAHs and
quantiﬁcation ions (QIs); Chemical constituents of dispersant Corexit
EC9500A; Pseudo ﬁrst-order ozonation rate constants for parent and
alkylated PAHs in WAO and DWAO; UV–Vis absorbance of aqueous
ozone in DWAO; Volatilization and ozonation kinetic data of parent
PAHs and alkylated PAHs in WAO and DWAO; Ozonation kinetics of
parent PAHs and alkylated PAHs in DWAO under 86 ppbv simulated
atmospheric ozone; Eﬀect of pH on ozonation of parent and alkylated
PAHs in DWAO by simulated atmospheric ozone; Distribution of remaining n-alkanes and PAHs in DWAO after 24 h ozonation at various
levels of pH, humic acid, and salinity; Distribution of remaining n-alkanes and PAHs after 24 h of ozonation (overall versus direct ozonation). Supplementary data to this article can be found online at
doi:https://doi.org/10.1016/j.marpolbul.2018.07.047.

PAHs were more prone to ozonation than parent PAHs in both WAO
and DWAO.
Corexit EC9500A increased the concentrations of TPHs, n-alkanes
and PAHs in DWAO by 189, 648 and 12 times, respectively, than in
WAO. The dispersant is more eﬀective for n-alkanes than PAHs.
The ozonation rates for all the oil compounds increased with increasing ozone concentration. The ozonation rates of TPHs, n-alkanes and total PAHs were increased by 14.8, 5.1 and 6.3 times
when the gaseous ozone concentration was increased from 86 to
300 ppbv. PAHs, especially naphthalene and C1-phenanthrene, were
more sensitive to the ozone concentration than n-alkanes in DWAO.
Increasing pH slightly inhibited ozonation, especially for the 2-, 3and 4-ring PAHs and their homologs in DWAO due to the major loss
in the direct ozonation. Elevated humic acid concentrations also
inhibited the ozonation reactions, and the inhibitive eﬀect of humic
acid is more evident on larger n-alkanes, in particular the C24-C30
fraction. Higher salinity enhanced the ozonation of all the dispersed
oil components due to reduced solvent cage eﬀect and the saltingout eﬀect of hydrophobic compounds. Meanwhile, addition of
18 mg/L or 24 mg/L of the dispersant to DWAO accelerated the
ozonation of TPHs and n-alkanes, but inhibited the ozonation of
PAHs due to ozone-facilitated alkylation process and dispersant cage
eﬀect.
Direct ozonation accounted for 56%, 54% and 45.8% of the overall
ozonation of TPHs, n-alkanes and PAHs, respectively. For n-alkanes,
the direct ozonation played a more important role. In contrast, for
PAHs, the indirect ozonation was more important, respectively,
especially for the 2-ring PAHs (naphthalene and its homologs, acenaphthylene and acenaphthene) and 3-ring PAHs (phenanthrene
and its homologs). In addition, the parent and alkylated PAHs were
degraded by 37.5% and 39.9% due to direct ozonation.
The dispersant can increase soluble ozone concentration and enhance the hydroxyl radical generation, but may also compete with
oil hydrocarbons for both molecular ozone and free radicals. These
contrasting eﬀects result in the diﬀerent reaction rates for various
oil compounds.
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