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ABSTRACT: Despite phthalate monoesters (mono-PAEs) being
commonly recognized as metabolic products of phthalate diesters (diPAEs), investigations on their environmental occurrences, particularly in
indoor environments, remain limited. The present study demonstrated
the presence mono-PAEs, along with a variety of di-PAEs, in house dust
collected from 83 South China families. Among 15 target mono-PAEs,
monobutyl phthalate (median concentration, 21.54 μg/g) dominated
over other mono-PAEs in indoor dust, followed by monoethylhexyl
phthalate (9.44 μg/g), monoisobutyl phthalate (5.14 μg/g), monomethyl
phthalate (MMP; 2.05 μg/g), and several others. The total
concentrations of detectable mono-PAEs (median, 45.40 μg/g)
constituted an average of 6.7 ± 3.7% of the total concentrations of
their parent diesters in the same dust. Molar concentration ratios of
mono-PAEs to their respective di-PAEs varied greatly among chemicals (median, 0.001−3.1), with the highest ratios
determined for the MMP/dimethyl phthalate and mono-/diisopropyl phthalate pairs (i.e., 3.1 and 1.5, respectively). In addition,
no signiﬁcant associations were observed between dust-associated mono- or di-PAEs and urinary mono-PAEs detected in both
children (n = 48) and adult participants (n = 41). We hypothesized that mono-PAEs in dust could originate from diﬀerent
sources (e.g., impurities in di-PAE formulas, degradation from di-PAEs, and direct application as commercial additives), while
the relative importance of various origins could diﬀer between chemicals. Our ﬁndings demonstrate broad occurrences of monoPAEs in indoor environments, but future studies are needed to better elucidate their sources, fate in indoor and outdoor
environments, and potential human health risks.

■

INTRODUCTION

In vitro and in vivo studies reveal relatively fast metabolism
of di-PAEs, normally following hydrolysis to form primary
metabolite monoester phthalates (referred to as mono-PAEs)
and then conjugations.11,12 Low-molecular-weight di-PAEs are
mainly ended into their monoester products (free and
conjugated forms) that are excreted via urine, while the highmolecular weight diesters can undergo further biotransformation through hydroxylation and oxidation of the formed
monoesters.13,14 For example, metabolism of DEHP in vivo
could produce mono-2-ethylhexyl phthalate (MEHP) and its
secondary metabolites, including mono-2-ethyl-5-carboxypentyl phthalate (MECPP), mono-2-ethyl-5-oxohexyl phthalate
(MEOHP), and mono-2-ethyl-5-hydroxyhexyl phthalate
(MEHHP).14 Although other metabolites could be formed,
urinary mono-PAEs are commonly used to evaluate human
exposure to phthalates.13,15,16

Diesters of 1,2-benzenedicarboxylic acid, commonly known as
phthalates or referred to as di-PAEs, have been widely used as
plastic additives to increase the ﬂexibility, transparency,
durability, and longevity of commercial plastic goods.1 The
global production of di-PAEs was estimated to reach 11 billion
pounds in 2011 and has been growing rapidly during the past
decade.2 Releases from host products during manufacturing,
usage, and disposal have resulted in global di-PAE distributions.3−5 Numerous studies have also demonstrated a variety of
toxic eﬀects of di-PAEs, mainly including reproductive toxicity,
endocrine disruption, hepatotoxicity, and nephrotoxicity.6−8
Consequently, the use of selected di-PAEs has been restricted
in many countries and regions. For example, butyl benzyl
phthalate (BBzP), dibutyl phthalate (DBP), di-2-ethylhexyl
phthalate (DEHP), dioctyl phthalate (DOP), diisononyl
phthalate (DiNP), and diisodecyl phthalate (DiDP) were
restricted from use in toys and childcare articles (i.e., ≤0.1% in
concentrations by mass) marketed in the United States (US)
and European Union9 and also restricted in the coatings for
toys manufactured in China.10
© 2019 American Chemical Society
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monoethylhexyl Phthalate
mono (2-ethyl-5-carboxypentyl) phthalate
mono (2-ethyl-5-oxohexyl) phthalate
mono (2-ethyl-5-hydroxyhexyl) phthalate

MEHP
MECPP
MEOHP
MEHHP
∑15mono-PAEs

100
100
96
100

100
100
98
100
100
0
33
0
0
0
55

DF

9.44
0.35
0.17
0.97
45.40

2.05
1.11
0.05
5.14
21.54
<LOQ
<LOQ
<LOQ
<LOQ
<LOQ
0.02

median

2.33−45.22
0.03−5.15
<LOQ-1.90
0.15−209.2
11.22−223.1

0.27−11.93
0.17−11.92
<LOQ-0.73
11.02−124.0
3.21−104.1
<LOQ
<LOQ-0.54
<LOQ
<LOQ
<LOQ
<LOQ-0.22

range

Both DBP and BBzP can be metabolized into MBP. bBoth BBzP and DBzP can be metabolized into MBzP.

monomethyl phthalate
monoethyl phthalate
monoisopropyl phthalate
monoisobutyl phthalate
monobutyl phthalate
monopentyl phthalate
monohexyl phthalate
monocyclohexyl phthalate
mono-2-heptyl phthalate
monoisononyl phthalate
monobenzyl phthalate

MMP
MEP
MiPrP
MiBP
MBPa
MPeP
MHxP
MCHP
MiHeP
MiNP
MBzPb

mono-PAEs

∑13di-PAEs

DMP
DEP
DiPrP
DiBP
DBP
DPeP
DHxP
DCHP
DiHeP
DiNP
BBzP
DBzP
DEHP

dimethyl phthalate
diethyl Phthalate
diisopropyl phthalate
diisobutyl phthalate
dibutyl phthalate
dipentyl phthalate
dihexyl phthalate
dicyclohexyl phthalate
diisoheptyl phthalate
diisononyl phthalate
butyl benzyl phthalate
dibenzyl phthalate
di-2-ethylhexyl phthalate

Di-PAEs
95
100
93
100
100
0
0
98
100
100
100
72
100

DF

735.6

0.56
6.67
0.03
23.92
64.91
<LOQ
<LOQ
0.02
0.63
25.12
0.41
0.007
609.7

median

202.8−2757

<LOQ-6.35
0.42−56.67
<LOQ-0.46
6.03−148.7
13.23−258.4
<LOQ-0.27
<LOQ
<LOQ-0.32
0.03−30.13
9.55−96.51
<LOQ-19.91
<LOQ-0.23
134.9−2500

range

Table 1. Concentrations and Detection Frequencies (DF, %) of Phthalate Monoesters (Mono-PAEs) and Diesters (Di-PAEs) in House Dust (μg/g) from South China
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was used as an internal standard for di-PAE analysis. Highperformance liquid chromatography grade solvents and
Optima-grade water were purchased from Fisher Scientiﬁc
(Hanover Park, IL).
Sample Collection. A total of 83 homes (all condominiums) located in the city of Guangzhou (South China) were
recruited for this study during the period of 2018−2019. Floor
dust was collected from each dwelling’s living room and
bedrooms via a commercial vacuum cleaner (Electrolux,
ZMO1511, 1400 W) attached with a customized and
precleaned nylon bag (pore size = approximately 25 μm).25
After collection, the nylon bags were wrapped with precleaned
aluminum foil. Precleaned sodium sulfate was used as ﬁeld
blanks (one ﬁeld blank prepared for every 10 homes). Dust or
sodium sulfate was removed from the nylon bags at the
analytical laboratory and sieved through a 125 μm stainless
cloth sieve. Sieved dust and ﬁeld blanks were stored at −20 °C
prior to chemical analysis. At the same day of dust collection,
morning urine was also collected from an adult and/or a child
from each of 48 recruited families. A total of 41 adults and 48
children donated their urine. Urine was collected in precleaned
glass jars and transported to the analytical lab on ice. Empty
glass jars were used as ﬁled blanks for urine collection and a
ﬁeld blank was prepared for every 20 samples. Urine samples
were stored at −80 °C prior to chemical analysis. Informed
consent was obtained from adult participants on behalf of their
children prior to sample collection. Participants were also
required to ﬁll out a short questionnaire to collect
demographic data and information on home environments
(see details in Table S3). The questionnaires for children were
completed by their parents. The study protocol was approved
by the Jinan University’s Ethical Review Board.
Chemical Analysis. Approximately 20−70 mg of sieved
dust was transferred to a 15 mL glass tube. After spiking with
surrogate standards (Table S2), the sample was sequentially
extracted under a shaking water bath with 3 mL of a mixture of
methanol and water (6:4, v/v), 3 mL of a mixture of
acetonitrile (ACN; containing 0.2% formic acid) and water
(8:2, v/v), 3 mL of a mixture of ACN and isopropanol (1:1, v/
v), and 3 mL of a mixture of hexane and isopropanol (1:1, v/
v). The tube was centrifuged after each extraction, and the
supernatant extract was collected. The combined extract was
concentrated to 2 mL and reconstituted to 6 mL with water,
followed by solid-phase extraction with an HLB cartridge (3 cc,
60 mg sorbent, Waters Corporation) that was preconditioned
with 6 mL of ACN and then 6 mL of methanol. After sample
loading, the cartridge was washed in sequence with 1 mL of
water containing 5% ACN and 0.2% formic acid, 1 mL of water
containing 0.2% formic acid, and 1 mL of water. After the
cartridge was dried under vacuum for 5 min, target analytes
were eluted out with 5 mL of ACN and then 5 mL of
methanol. The ﬁnal extract was concentrated to about 100 μL,
ﬁltered through a 0.22 μm centrifugal ﬁlter (VWR International), and spiked with internal standards (tert-butyl parabend9 and coumaphos-d10) prior to instrumental analysis.
Urine samples were treated with enzymatic deconjugation
followed by liquid−liquid extraction. After the urine speciﬁc
gravity (SG) was measured by a handheld refractometer
(Atago, Japan), an aliquot of 1 mL of urine was spiked with 10
μL of surrogate standards and then buﬀered with 200 μL of
ammonium acetate (pH = 5.0; 7.7 g of ammonium acetate
dissolved in 100 mL of water) and 10 μL of β-glucuronidase
(≥100 000 units/mL, from Helix pomatia, Sigma-Aldrich). The

While mono-PAEs have been treated by most studies as diPAEs’ metabolic/degradation products, very few studies also
reported their existence in consumer products or as environmental contaminants. Limited investigations revealed the
presence of selected mono-PAEs in consumer products
where di-PAEs were applied.17,18 For example, monobutyl
phthalate (MBP) and MEHP were found within ranges of 6.4−
11.8 and 30.5−41.8 μg/g in three poly(vinylchloride) (PVC)
toy products, respectively.17 MEHP was also detected in 31
household PVC products (e.g., sofa, chair, ﬂoor mat, and other
goods) manufactured in a few diﬀerent Asian countries or
regions.18 Selected mono-PAEs were also found in drinking
water, lake/river/sea water, and sediments.19−21 These limited
data may suggest the likelihood of mono-PAEs present in
consumer products and consequent releases to the environment. Degradation of di-PAEs through various mechanisms,
such as hydrolysis and microbial and photolytical breakdown,
could also produce mono-PAEs in the environment. However,
relevant environmental studies on mono-PAEs are overall
limited.
Indoor environments have been suggested as one of the
important circumstances where humans are exposed to diPAEs. Given that indoor dust and air have been reported with
universal occurrences with di-PAEs,3,22 humans could be
exposed to indoor di-PAEs via dust ingestion, inhalation, and
dermal contact.23,24 Indoor dust has also been used as a
convenient and eﬃcient matrix for investigating indoor
contamination of di-PAEs, many other anthropogenic
pollutants, and related human exposure risks.
We hypothesized in this study that mono-PAEs could exist
along with di-PAEs in indoor dust. This hypothesis was based
on the assumption that some mono-PAEs are purposely added
to or present as impurities in household consumer products.
To test this hypothesis, we determined 15 mono-PAEs, as well
as a variety of di-PAEs, in indoor dust collected from South
China families. Urine samples were also collected from adult
and children volunteers from some families and determined for
human internal exposure. Speciﬁc objectives of this work were
to (1) identify and characterize mono-PAEs in house dust and
their relationships with di-PAEs and (2) explore the relationships between dust-associated di/mono-PAEs and urinary
mono-PAEs. Our work will contribute to a better elucidation
of indoor PAE contamination and human exposure risks.

■

MATERIALS AND METHODS
Chemicals and Reagents. Reference standards of 15
mono-PAEs (Table 1) were purchased from AccuStandard
(New Haven, CT), including monomethyl phthalate (MMP),
monoethyl phthalate (MEP), monoisopropyl phthalate
(MiPrP), MBP, monoisobutyl phthalate (MiBP), monopentyl
phthalate (MPeP), monohexyl phthalate (MHxP), monocyclohexyl phthalate (MCHP), mono-2-heptyl phthalate
(MiHeP), MEHP, MECPP, MEOHP, MEHHP, monoisononyl phthalate (MiNP), and monobenzyl phthalate (MBzP).
Isotopically labeled mono-PAEs, including MBP-d4 and
MBzP-d4 (AccuStandard), were used as surrogate standards,
while tert-butyl paraben-d9 (Toronto Research Chemicals,
Toronto, Canada) was used as an internal standard. Reference
standards of 23 di-PAEs as well as 12 isotopically labeled diPAEs were purchased from AccuStandard (New Haven, CT)
(Tables S1 and S2). Thirteen of the 23 di-PAEs are
theoretically considered as parent chemicals of the 15 target
mono-PAEs. Coumaphos-d10 (Toronto Research Chemicals)
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sample was then incubated at 37 °C overnight. After spiking
with 3 mL of a mixture of methyl tert-butyl ether and ethyl
acetate (5:1, v/v), the sample was extracted under an
ultrasound bath for 30 min and then centrifuged for 10 min
to collect the supernatant extract. The extraction step was
repeated twice. The combined extract was concentrated to
nearly dryness, reconstituted with 100 μL of a mixture of ACN
and water (6:4, v/v), and spiked with internal standard prior to
instrumental analysis.
The determination of most di-PAEs and mono-PAEs was
conducted on a ultraperformance liquid chromatograph
coupled with an AB Sciex 3200 or 5500 Q Trap triple
quadrupole mass spectrometer (MS/MS, Toronto, Canada),
whereas DEHP was determined on an Agilent gas chromatograph coupled with an Agilent 5977 A single quadrupole mass
analyzer in electron impact ionization modes (Agilent
Technologies, Palo Alto, CA). Detailed information on
instrumental analysis is summarized in the Supporting
Information. The limit of quantiﬁcation (LOQ) of a target
chemical was deﬁned as an analyte response 10 times of the
standard deviation of the noise when injecting a standard
mixture solution (n = 8) or 10 times of the standard deviation
of the background if the procedural blanks contain this
chemical. The LOQs are summarized in the Supporting
Information (Table S2).
Quality Assurance and Control. A procedural blank was
processed along with every batch of 10 samples for evaluating
procedural contamination. Only MiBP, MBP, and MEHP were
detected in the ﬁnal extracts of procedural blanks (n = 9) for
urine analysis, with average masses of 0.3, 0.3, and 0.1 ng,
respectively. None of the mono-PAEs was detectable in
procedural blanks (n = 8) for dust analysis. However, ten diPAEs, including dimethyl phthalate (DMP), diethyl phthalate
(DEP), DBP, diisobutyl phthalate (DiBP), DEHP, dicyclohexyl phthalate (DCHP), diheptyl phthalate (DHeP), DiDP,
diphenyl phthalate (DPP), and BBzP, were detectable with a
concentration of 0.1−11 ng in the ﬁnal extracts of procedural
blanks, accounting for 0.02−3.9% of the median levels detected
in dust samples. Blank contamination was subtracted from the
ﬁnal concentration data. To evaluate recovery eﬃciencies of
analytical procedures, 20 ng of each of the target mono- and diPAEs, along with their surrogate standards, was spiked into six
replicates of precleaned sodium sulfate. Five nanogram of each
of the target mono-PAEs and corresponding surrogate
standards was spiked into six replicates of a urine composite
pooled from ﬁve volunteers. Additional two replicates of
sodium sulfate or urine composite were processed as matrix
blanks after spiking with surrogate standards only (no target
PAEs were spiked). The mean (±standard deviation)
recoveries of target analytes from sodium sulfate spiking
analysis ranged from 50 ± 16 to 112 ± 14% for mono-PAEs
and 81 ± 13 to 124 ± 17% for di-PAEs. The recoveries of
mono-PAEs from urine spiking analysis ranged from 85 ± 3.5
to 105 ± 5.0%, after subtracting the original concentrations
measured in urine composite. The recoveries of deuterated
mono-PAEs (MBP-d4 and MBzP-d4) were 91 ± 21 and 88 ±
23% in authentic dust samples and 89 ± 31 and 80 ± 22% in
authentic urine samples, respectively.
Although no standard reference material (SRM) is available
for the assessment of analytical accuracy of mono-PAE
measurements, the National Institute of Standards and
Technology (NIST, Gaithersburg, MD) house dust SRM
2585 was analyzed as a substitute. All target mono-PAEs except

for MCHP were detected in the SRM (Table S4). The data
will be useful for future cross-laboratory comparisons.
To determine whether the mono-PAEs detected in dust
were formed via degradation of di-PAEs during sample
treatment, we spiked a mixture of 23 di-PAEs (500 ng each),
as well as a mixture of deuterated mono-PAEs, into sodium
sulfate (n = 5). Through the same analytical procedures as
described before, the mean (±standard deviation) degradation
rate of a di-PAE, deﬁned as the mass ratio of a mono-PAE to
its corresponding di-PAE initially added, ranged from 0 to 3.2
± 0.3% (Table S5). The highest rate of degradation was
observed from DCHP to MCHP, whereas no degradation was
observed for DEP, diisopropyl phthalate (DiPrP), dipentyl
phthalate (DPeP), dihexyl phthalate (DHxP), DHeP, DEHP
and DiNP through sample treatments.
To determine whether mono-PAE measurements were
interfered with by in-source fragmentation of diesters, we
compared the retention times of mono-PAEs and their
respective diesters under the same chromatographic conditions
(Figure S1). The results revealed that none of the mono- and
di-PAE pairs overlapped in retention times, indicating that insource fragmentation unlikely interfered with the measurement
of mono-PAEs reported herein. Detailed information on the
chromatographic analyses and retention times is provided in
the Supporting Information.
Data Analysis. Concentrations of di- and mono-PAEs were
adjusted based on the responses of their respective surrogate
standards and reported as μg/g in dust or ng/mL in urine (SG
corrected). For an analyte with a detection frequency of more
than 60%, any measurement below LOQ was assigned with a
half LOQ if its geometric standard deviation (GSD) is greater
than 3 or replaced with a LOQ/√2 if the GSD < 3.26 Nonnormally distributed data were logarithmically transformed
prior to statistical analyses. Spearman’s correlation analyses
were applied to examine potential relationships between
diﬀerent groups of data (PASW Statistics 18.0, IBM Inc.).
Linear regression models were applied to determine predictors
of continuous mono-PAE levels in urine (PASW Statistics
18.0). Exponentiated β coeﬃcients were used to produce the
multiplicative change in urinary levels relative to the reference
group for categorical variables or the per-unit change for
continuous variables. Dust concentrations and other categorical variables were dichotomized, while age was the only
continuous variable. Only matched dust and urinary data (i.e.,
from the same families) were included into linear regression
models. The level of signiﬁcance was set at α = 0.05.

■

RESULTS AND DISCUSSION
Mono-PAEs in House Dust. Among the 15 target monoPAEs, MMP, MEP, MBP, MiBP, MiPrP, MEHP, MECPP,
MEHHP, and MEOHP were detected in more than 95% dust
samples, whereas MHxP and MBzP had detection frequencies
of 33 and 55%, respectively (Table 1). Other mono-PAEs were
not detectable. The total concentrations of mono-PAEs
(∑15mono-PAEs) ranged from 11.22 to 223 μg/g (median,
45.40 μg/g) in dust. MBP dominated over other mono-PAEs
present in indoor dust, reaching a median concentration of
21.54 μg/g, followed by MEHP (9.44 μg/g), MiBP (5.14 μg/
g), MMP (2.05 μg/g), and MEP (1.11 μg/g) (Figure 1). In the
same dust, DEHP constituted 80 ± 7.6% of the total
concentrations of 23 di-PAEs (∑23di-PAEs), followed by
DBP, DiBP, and DiNP (Tables 1 and S6). Concentrations of
∑15mono-PAEs accounted for 6.7 ± 3.7% of the combined
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the most abundant mono-PAE, followed by MBP and
MEHP.21 Although it is well known that mono-PAEs are
metabolites of di-PAEs and thus extensively investigated in
animal and human studies, the common recognition of monoPAEs as di-PAEs metabolites may also result in an overlook of
mono-PAEs’ nonbiological origins and associated human
exposure risks.
Relationships between Mono- and Di-PAEs in Dust.
Although our data demonstrated the occurrence of monoPAEs in house dust, their possible origins remained unknown.
The sources/origins of mono-PAEs other than metabolism
have received very little attention. There is no clear
documentation on whether mono-PAEs have industrial
applications. Here, we investigated the relationships between
mono- and di-PAEs present in house dust to explore any hints
for mono-PAEs’ potential sources.
Signiﬁcant concentration correlations were observed between mono-PAEs and their respective di-PAEs except for the
MiPrP-DiPrP and MEOHP/MEHHP-DEHP pairs (Table 2).
In addition, signiﬁcant correlations were observed among most
individual mono-PAEs, whereas less correlations were
observed among individual di-PAEs. For example, MMP was
signiﬁcantly correlated with all other mono-PAEs in concentrations, whereas DMP did not correlate with any other diPAEs (Table 2).
The high correlations between a mono-PAE and its
respective di-PAE or among most individual mono-PAEs led
to the speculation that dust-associated mono- and di-PAEs
could be released from similar sources, such as the consumer
products or materials where di-PAEs were applied. MonoPAEs may be present as impurities in technical di-PAE
formulas and thus added into consumer products along with
di-PAEs. Additionally, mono-PAEs may be formed via thermal
degradation of di-PAEs during the manufacturing of consumer
products. Di-PAEs are thermally unstable and found to form
monoesters under heat treatments during PVC moulding and
other processing.27,28 Indeed, as mentioned earlier, MEHP and
MBP have been detected in diﬀerent PVC products and
suspected to be impurities in technical di-PAE products.17,18
However, the ratios of mono- to di-PAEs reported in
consumer products were much lower than the Rm/d values
determined in house dust. For example, Kawakami et al.

Figure 1. Compositions of phthalate monoesters in indoor dust and
urine samples from children and adults.

concentration of their respective di-PAEs (∑13di-PAEs) or 6.6
± 3.7% of ∑23di-PAEs. These ﬁndings clearly support our
hypothesis that mono-PAEs are present along with di-PAEs in
house dust at considerable levels.
The molar concentration ratios of a mono-PAE to its
respective di-PAE (referred to as Rm/d) varied greatly among
chemicals. The highest median Rm/d values were determined to
be 3.1 and 1.5 for the MMP-DMP and MiPrP-DiPrP pairs,
respectively, while other pairs had median Rm/d values of 0.02−
0.4, except for the MEHHP/MEOHP/MECPP-DEHP pairs
(Rm/d ≤ 0.002) (Figure 2). Compared with the degradation
rates of relevant di-PAEs as determined in the QA/QC
experiments (Table S5), our results demonstrate that the
majority of the detected mono-PAEs were unlikely formed via
di-PAE degradation during sample treatments but reﬂect their
original abundances in house dust.
To the best of our knowledge, investigations on the
occurrence of mono-PAEs in indoor environment remained
extremely limited. Reports of environmental occurrences of
mono-PAEs are only limited to a few drinking water, lake/
river/sea water, and sediment studies.19−21 The composition
proﬁle of mono-PAEs in South China dust is similar to the
pattern reported in Canadian sediment and seawater where
MBP was the dominant monoester, followed by MEP (in
sediment) or MEHP (in seawater).19 A diﬀerent pattern was
reported in Taihu Lake (China) surface water where MMP was

Figure 2. Molar concentration ratios of phthalate monoesters and their respective diesters in house dust (left and bottom axes) and the biological
half-lives of phthalate diesters (right and top axes). The biological half-lives (indicated by red triangles) are estimated based on the United States
Environmental Protection Agency Estimation Program Interface (EPI) Suite Version 4.11.
11679
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reported that the concentration ratios of MEHP to DEHP in
PVC household products ranged from 6.2 × 10−6 to 0.002
(median, 5.8 × 10−5), orders of magnitude lower than what we
found in house dust (0.004−0.04; median, 0.01).18 Similarly,
the ratios of MBP to DBP in PVC balls (5×10−5−9 × 10−5)
were also much lower than those determined in house dust
(0.06−1.75; median, 0.26).17 Therefore, origins other than the
impurities in household consumer products or materials could
exist for some mono-PAEs.
We hypothesized that some mono-PAEs could be formed via
photolytic/microbial degradation of di-PAEs present on the
surface of dust particles or in the air. Although photodegradation of di-PAEs under environmental conditions has
rarely been experimentally investigated, Peterson et al.
predicted the atmospheric photodegradation of selected diPAEs and suggested chemical-dependent degradation rates and
a half-life of 6.2−346 h.29 Previous studies also reported
microbial degradation of di-PAEs under various environmental
conditions and the formation of mono-PAEs as part of the
degradation products.30 More recently, Bope et al. revealed the
degradation of DMP, DEHP, DiNP, DiDP, and BBzP in worn
carpet squares embedded with dust under elevated relative
humidity conditions, likely through both abiotic and microbial
processes.31 These reports support the assumption that
degradation of di-PAEs could occur in indoor/outdoor
environments and contribute to some of the dust-associated
mono-PAEs. In our work, we examined the relationship
between the Rm/d values and biological half-lives calculated
based on the US Environmental Protection Agency Estimation
Program Interface (EPI) Suite (Figure 2). Although no
signiﬁcant correlation was observed, the data did suggest that
di-PAEs with shorter biological half-lives tend to have higher
Rm/d values. However, the degradation kinetics and mechanisms require additional experimental investigations under
conditions resembling natural indoor/outdoor environments.
We also hypothesized that some mono-PAEs could be
directly used as industrial additives. Although clear documentation of commercial usage of mono-PAEs is not found to our
best knowledge, the possibility that mono-PAEs are purposely
added to certain consumer products as di-PAE alternatives
cannot be entirely excluded. This appears to be more likely for
MMPs that exhibited very high Rm/d values (i.e., 3.1) as well as
high concentrations in house dust. This hypothesis is plausible
considering that mono-PAEs do not diﬀer much from di-PAEs
in chemical structures and some physicochemical properties,
while many di-PAEs have been subjected to extensive
environmental surveillance due to their environmental and
health hazards. However, direct evidence is unavailable at this
stage.
Overall, chemical-speciﬁc relationships of mono-PAEs with
their respective di-PAEs may suggest that the relative
importance of diﬀerent origins (e.g., impurities in di-PAE
formula, degradation from di-PAEs, or direct commercial
applications) may diﬀer between chemicals. The large crosshome variability of Rm/d for each mono-/di-PAE pairs (i.e., the
coeﬃcient of variation ranged from 59 to 170%, Table S7) also
suggested that the occurrence of mono-PAEs may be greatly
inﬂuenced by home-speciﬁc sources (e.g., types and quantities
of household products) and home conditions (e.g., aging of
dust). Elucidation of the major sources will be facilitated by a
better understanding of the emission rates and mechanisms of
mono-PAEs from consumer products, environmental behavior

a

*p < 0.05, **p < 0.01.

1.00
0.49**
0.35**
0.40**
0.25*
0.35**
0.10
0.18
−0.03
0.31**
0.26*
0.20
0.42**
0.25**
1.00
0.48**
0.71**
0.32**
0.39**
0.27*
0.49**
0.35**
0.31**
0.37**
0.21
0.17
0.03
0.15
0.15
MMP
MEP
MiPrP
MiBP
MBP
MEHP
MECPP
MEOHP
MEHHP
DMP
DEP
DiPrP
DiBP
DBP
DEHP

DMP
MEHHP
MEOHP
MECPP
MEHP
MBP
MiBP
MiPrP
MEP
MMP

Table 2. Spearman Correlation Coeﬃcients among Phthalate Mono- and Diesters in House Dust from South Chinaa
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MiBP in children urine (Spearman’s analysis, rs = 0.30, p =
0.03) (Table S8). In addition, no signiﬁcant correlations were
observed between urinary mono-PAEs and respective dustassociated di-PAEs or the combination of mono- and di-PAEs
in dust. Linear regression models including demographic and
behavioral information also revealed no signiﬁcant associations
between dust-associated mono- or di-PAEs and urinary monoPAEs in both children and adult populations (Tables S9 and
S10). In addition, none of the studied demographic and
behavioral factors was signiﬁcantly associated with urinary
mono-PAE levels.
The lack of associations between dust mono- or di-PAEs and
urinary mono-PAEs may have resulted from a variety of
factors. First, house dust does not constitute the only PAE
source to humans. The coexistence of mono- and di-PAEs in
house dust and possibly other sources (i.e., diet, drinking
water, and air) complicates the associations between external
and internal exposure.20,34,35 Urinary mono-PAEs in fact reﬂect
the outcome of multiple sources/processes, including metabolic transformation of ingested di-PAEs, direct intake of
mono-PAEs, and biotransformation of mono-PAEs originated
from the two former sources. Thus, it is diﬃcult to pinpoint
the relationships between certain external sources and internal
exposure.
Second, urinary mono-PAEs may not well represent a total
exposure to phthalate esters due to further biotransformation
of mono-PAEs. For example, after oral dosage of d4-MEHP
and d4-MBP to four male human subjects, only an average of
7% of d4-MEHP (in molar mass) was excreted via urine within
46 h, while four secondary metabolites in total accounted for
54.6% of the ingested dose.36 Therefore, urinary mono-PAEs
could greatly underestimate the total exposure to phthalate
esters from various sources. However, limited knowledge on
the metabolic transformation of most mono-PAEs prohibits us
from an eﬃcient prediction of external exposure based on
urinary mono-PAEs.
Thirdly, limited sample size and uncomprehensive demographic and behavioral information could also result in
imprecise estimation of the associations. Therefore, the lack
of associations between dust mono- or di-PAEs and urinary
mono-PAEs does not exclude or minimize the inﬂuence of dust
intake on internal PAE exposure. Instead, it reﬂects the
existence of other factors in the real world that confounds the
associations.
Knowledge Gaps and Perspectives. The frequent
detection of mono-PAEs in house dust with considerable
levels indicates the underestimation of human exposure risks in
previous indoor PAE studies. However, given insuﬃcient
knowledge on the environmental distribution and exposure
pathways of mono-PAEs, our capacity of evaluating human
exposure risks is indeed limited. Below, we identify a few
priority knowledge gaps and associated research perspectives.
Sources of mono-PAEs in indoor environments require
better elucidation. Although our data suggest several possible
sources of mono-PAEs (i.e., impurities in commercial di-PAE
formulas and consumer products, degradation from di-PAEs,
and direct commercial applications), evidence is needed to
conﬁrm these hypotheses. The relative importance of various
sources may also diﬀer between mono-PAE chemicals.
Therefore, experiments are needed to test commercial PAE
formulas and consumer products and explore thermal,
photolytic, and microbial degradation of major di-PAEs.

and fate of both di- and mono-PAEs, as well as the information
on mono-PAEs’ possible industrial applications.
Inﬂuence of Dust-Associated Di- and Mono-PAEs on
Urinary Mono-PAEs. In the present study, MMP, MEP,
MiBP, MBP, MEHP, MEOHP, MEHHP, and MECPP were
detected in urine with DF > 95%. MBzP was detected at a rate
of 61%, while other mono-PAEs had a DF < 30% (Table 3).
Table 3. Concentrations (ng/mL) of Phthalate Monoesters
in Urine
children (n = 48)

adults (n = 41)

%
Mono-PAEs detected

median

range

median

range

MMP
MEP
MiPrP
MiBP
MBP
MPeP
MHxP
MCHP
MiHeP
MEHP
MEOHP
MEHHP
MECPP
MiNP
MBzP

2.5
9.6
<LOQ
53
98
<LOQ
<LOQ
<LOQ
<LOQ
2.0
17
63
32
<LOQ
0.47

<LOQ-52
<LOQ-170
<LOQ-1.2
4.5−742
4.5−1645
<LOQ-0.98
<LOQ
<LOQ
<LOQ-3.5
<LOQ-260
1.6−164
6.3−497
2.8−323
<LOQ
<LOQ-11

3.2
11.6
<LOQ
36
76
<LOQ
<LOQ
<LOQ
<LOQ
1.8
11
40
16
<LOQ
1.4

<LOQ-0.7
1.2−254
<LOQ-0.7
4.9−277
11−543
<LOQ-2.7
<LOQ
<LOQ-1.2
<LOQ-8.0
<LOQ-29
0.9−55
4.4−297
1.9−77
<LOQ
<LOQ-21

96
97
12
100
100
18
0
1
25
98
100
100
99
0
61

Urine from children and adults exhibited a similar mono-PAE
composition proﬁle that was dominated by MBP, MiBP, and
MEHHP (Figure 1). Compared with dust mono-PAE proﬁle,
the major diﬀerence in urine is the signiﬁcantly reduced
proportion of MEHP, along with elevated proportions of
DEHP’s secondary metabolites (i.e., MEHHP, MEHOP, and
MECPP) (Figure 1). The total concentrations of detectable
mono-PAEs ranged from 34 to 2950 ng/mL (median, 360 ng/
mL) and 24−910 ng/mL (median, 236 ng/mL) in urine from
children and adults, respectively. Among the variety of monoPAEs, MEOHP (p = 0.003), MEHHP (p = 0.046), and
MECPP (p = 0.003) exhibited signiﬁcantly greater concentrations in children versus adults’ urine, whereas greater MEP
levels (p = 0.003) were observed in adults’ urine. Other monoPAEs or the total mono-PAE concentrations did not diﬀer
signiﬁcantly between the two age groups. Previous mother−
child pair studies also observed higher levels of DEHP’s
secondary metabolites in children and attributed it to more
eﬀective oxidative metabolism in children versus adults.32,33 In
contrast, higher urinary MEP levels in adults may be due to
more frequent use of personal care products containing DEP.
In general, the diﬀerences in urinary levels between children
and adults reﬂect age-dependent exposure routes and
metabolism/elimination kinetics.32
Humans are exposed to PAEs through a variety of pathways,
among which dust ingestion has been suggested an important
route. While previous studies have investigated the inﬂuence of
dust-associated di-PAEs on urinary mono-PAEs, the presence
of mono-PAEs in dust has never been considered as a potential
exposure source and a factor inﬂuencing internal exposure.
No signiﬁcant correlations in mono-PAE concentrations
were observed between matched dust and urine samples from
children or adult participants, with the only exception for
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Indoor/outdoor environmental distribution patterns and the
fate of mono-PAEs are not addressed. Although our data
reﬂect the occurrence of mono-PAEs in the indoor environment, it remains unknown on the distributions of mono-PAEs
among air, suspended particles, and settled dust in both indoor
and outdoor environments. Diﬀerences in physicochemical
properties between individual di- and mono-PAEs may greatly
inﬂuence their environmental behavior and fate.
The routes of human exposure to mono-PAEs lack suﬃcient
investigations. Although we assume that humans are exposed
to mono-PAEs via the same pathways (e.g., inhalation, dust
ingestion, dermal contact, hand-to-mouth transfer, and diet) as
those for di-PAEs, the relative contributions of these diﬀerent
pathways to human exposure may diﬀer from those for diPAEs and also diﬀer among individual mono-PAEs. This is
mainly due to the change of some physicochemical properties
from di-PAEs to mono-PAEs (Table S1), which subsequently
aﬀects their environmental distribution, behavior, and fate as
discussed above.
Ultimately, we would like to know how indoor mono-PAEs
contribute to human health risks following intake. Although
the metabolic transformation of selected di-PAEs is well
recognized, little has been done to understand the
pharmacokinetics of mono-PAEs. Current studies generally
utilize urinary mono-PAEs as markers for evaluating phthalate
exposure. However, urinary mono-PAEs may underestimate
the risk of exposure to a combination of di- and mono-PAEs.
Other markers, such as mono-PAEs’ biotransformation
products, may also be useful for the assessment of human
exposure to phthalate esters, particularly mono-PAEs. However, previous studies have revealed that coexposure to DEHP
and MEHP resulted in a diﬀerent metabolic proﬁle compared
with that observed for individual DEHP or MEHP exposure.37
This complicates the eﬀort of ﬁnding eﬃcient markers for
diﬀerentiating mono- and di-PAE exposure and indicates that
coexposure to mono- and di-PAEs may produce complicated
eﬀects compared with those resulting from di-PAE exposure
only. Previous studies revealed various toxic eﬀects of monoPAEs in vivo or in vitro, including reproductive and
developmental toxicities.6,38,39 For example, MEHP was
reported to induce toxic eﬀects on testicular cells in vitro,
whereas DEHP at the same concentration range could not.40
This further raises the importance of investigating the inﬂuence
of direct mono-PAE intake on human health.
Overall, given the coexistence of mono- and di-PAEs in
indoor environments and the diﬀerences between mono- and
di-PAEs in toxic kinetics and eﬀects,38,39,41 future environmental investigations and biomonitoring studies should take
mono-PAEs into consideration. Beyond di-PAEs, a more
important question that arises is whether we have underestimated our exposure to indoor chemicals as we generally
focus on the chemicals we screen for but largely overlook their
potential degradation/transformation products.

■

■

phthalate monoesters in SRM2585, rate of degradation
during sample treatments, concentrations and detection
frequencies of phthalate diesters, coeﬃcient of variation
of the molar concentration ratios, Spearman correlation
coeﬃcients, regression analyses of predictors of child
urinary phthalate monoesters, and regression analyses of
predictors of adult urinary phthalate monoesters (Tables
S1−S10, respectively); extract ion chromatography of
DMP, DEP, MMP, and MEP in the multiple reaction
monitoring mode (Figure S1); and a detailed description
of instruments (PDF)
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